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Abstract
1.	 Natural	levels	of	salinity	in	aquatic	ecosystems	drive	biodiversity	patterns	across	
broad	spatial	scales;	however,	less	is	known	about	changes	in	biotic	communities	
and	the	ecosystem	functions	they	support	along	anthropogenic	salinisation	gradi-
ents.	 Resource	 extraction	 often	 causes	 salinisation	 of	 freshwater	 ecosystems	
which	may	extirpate	salinity-sensitive	macroinvertebrates	and	microbes	and	thus	
reduce	rates	of	organic	matter	decomposition.

2.	 We	quantified	bacterial	(16S),	fungal	(ITS)	and	macroinvertebrate	taxonomic	rich-
ness,	composition,	and	β-diversity	across	the	resulting	gradient	of	specific	con-
ductance	(annual	mean:	25–1,383	μS/cm)	in	24	headwater	streams	in	the	eastern	
U.S.A.	variously	influenced	by	surface	coal	mining	but	selected	to	minimise	habi-
tat	and	water-quality	differences	other	than	salinity.	Furthermore,	we	measured	
rates	 of	 organic	 matter	 decomposition	 in	 submersed	 leaf	 packs	 (Quercus alba)	
across	these	same	sites.

3.	 Bacterial	and	reach-wide	macroinvertebrate	richness	was	reduced	along	the	min-
ing-induced	salinity	gradient	whereas	fungal	or	leaf-pack	macroinvertebrate	rich-
ness	remained	similar.	Community	composition	of	microbes	and	macroinvertebrates	
changed	 along	 the	 salinity	 gradient,	 with	mining-influenced	 sites	 becoming	 in-
creasingly	 dissimilar	 to	 reference	 sites	 as	 salinity	 increased.	Beta-diversity	was	
driven	by	taxonomic	replacement	rather	than	nestedness	for	microbial	and	mac-
roinvertebrate	communities.

4.	 Organic	matter	decomposition	 rates	 in	mining-influenced	streams	were	not	 re-
duced	even	at	mean	specific	conductance	levels	10×	higher	than	reference	sites.	
We	attribute	maintenance	of	 decomposition	 rates	 to	 salinity	 tolerance	of	 both	
fungi	and	macroinvertebrate	shredders	found	in	leaf	packs.

5.	 Our	study	informs	theory	linking	anthropogenic	alteration	of	biotic	communities	
to	 rates	of	ecosystem	functions	by	providing	evidence	 that	 taxonomic	 replace-
ment	and	stressor-tolerance	of	specific	functional	groups	along	a	mining-induced	
salinity	 gradient	 can	maintain	 certain	 ecosystem	 functions,	 at	 least	 within	 the	
studied	salinity	range.	We	therefore	advise	against	generalising	biodiversity–eco-
system	function	relationships	in	other	salinised	systems,	but	caution	that	organic	
matter	decomposition	may	be	altered	at	salinity	levels	above	those	observed	in	
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1  | INTRODUC TION

Salinity	is	a	primary	determinant	of	biotic	communities	over	broad	
spatial	 gradients,	 differentiating	 aquatic	 ecosystems	 at	 global	
scales	 (Kefford	 et	al.,	 2016;	 Lozupone	&	Knight,	 2007;	Mohamed	
&	Martiny,	2011).	Although	natural	levels	of	salinity	are	critical	for	
physiological	processes	of	aquatic	organisms,	anthropogenic	salin-
isation—defined	 as	 human-	caused	 increase	 in	 dissolved	major-	ion	
concentrations—is	an	emerging	stressor	with	potential	 to	alter	bi-
otic	community	richness	and	composition	(Cañedo-	Arguelles	et	al.,	
2013;	Canhoto,	Simões,	Gonçalves,	Guilhermino,	&	Bärlocher,	2017;	
Kefford	et	al.,	 2016).	Globally,	 freshwater	 ecosystems	are	 subject	
to	anthropogenic	salinisation	from	land-	use	activities	such	as	agri-
culture,	resource	extraction,	land	clearing,	road	de-	icing,	and	other	
activities	 (Cañedo-	Argüelles	 et	al.,	 2016;	 Kaushal	 et	al.,	 2018).	 In	
the	contiguous	U.S.A.	alone,	salinisation	affects	an	estimated	37%	
of	catchment	areas	with	increasing	trends	in	many	regions,	such	as	
the	eastern	U.S.A.	(Kaushal	et	al.,	2018).	Anthropogenic	salinisation	
raises	concerns	for	 loss	of	 freshwater	biodiversity	and	ecosystem	
functions;	however,	responses	of	common	freshwater	groups	such	
as	 microbes	 and	 macroinvertebrates	 and	 important	 ecosystem	
functions,	including	organic	matter	decomposition,	remain	difficult	
to	predict.

Salinisation	 has	 potential	 to	 alter	 richness	 and	 composition	 of	
microbial	 and	 macroinvertebrate	 communities,	 which	 are	 major	
functional	components	of	freshwater	ecosystems	(Barlocher,	2016;	
Cañedo-	Arguelles	 et	al.,	 2013;	 Hieber	 &	 Gessner,	 2002;	 Sauer	
et	al.,	2016).	Freshwater	microbes	and	macroinvertebrates	use	os-
moregulation	to	balance	their	bodily	water	and	salt	concentrations	
but	 salinisation	 alters	 this	 process,	 potentially	 increasing	 energy	
costs,	reducing	fitness,	and	causing	mortality	(Oren,	2002;	Soucek	
&	 Kennedy,	 2005).	 Therefore,	 salinisation	 could	 reduce	 richness	
and	alter	microbial	and	macroinvertebrate	composition,	unless	 the	
species	loss	can	be	offset	via	replacement	by	salinity-	tolerant	spe-
cies	(Kefford	et	al.,	2016).	For	example,	anthropogenically-	salinised	
rivers	 could	 be	 colonised	 by	 salinity-	tolerant	 macroinvertebrates	
including	 Diptera,	 Coleoptera,	 Odonata,	 and	 Hemiptera	 but	 re-
placement	 of	 salinity-sensitive	 species	 will	 be	 highly	 dependent	
on	regional	species	pools	and	individual	dispersal	abilities	 (Kefford	
et	al.,	2016).	For	microbial	communities,	growth	rates	of	some	taxa	
may	even	 increase	under	moderate	 levels	of	 salinisation	 (Canhoto	
et	al.,	 2017).	Understanding	 how	microbial	 and	macroinvertebrate	
communities	change	in	salinised	aquatic	ecosystems	is	especially	im-
portant	considering	their	important	roles	in	key	ecosystem	functions	
(Hieber	&	Gessner,	2002).

Aquatic	biodiversity	and	ecosystem	functions	are	often	 linked,	
with	taxonomic	richness	serving	as	a	common	biodiversity	measure	
(Cardinale	 et	al.,	 2006;	 Jonsson	&	Malmqvist,	 2000).	 If	 taxonomic	
replacement	 does	 not	 occur	 as	 a	 result	 of	 salinisation,	 reductions	
in	 richness	 could	 negatively	 affect	 rates	 of	 ecosystem	 functions	
(Cardinale	et	al.,	2006;	 Jonsson	&	Malmqvist,	2000).	For	example,	
organic	 matter	 decomposition	 in	 freshwater	 ecosystems	 is	 often	
positively	affected	by	species	richness	of	detritivorous	microbes	and	
macroinvertebrates	 (Jonsson	&	Malmqvist,	2000;	Tiunov	&	Scheu,	
2005).	However,	species	identity	and	abundance	also	influence	de-
composition	(Dangles	&	Malmqvist,	2004),	challenging	the	idea	of	a	
universal	relationship	between	species	richness	and	ecosystem	func-
tion.	Field-	based	studies	along	gradients	of	environmental	change,	
such	as	salinisation,	are	needed	to	better	understand	biodiversity-	
ecosystem	function	relationships	(De	Laender	et	al.,	2016).

Headwater	 streams	 contribute	 greatly	 to	 regional	 freshwater	
species	richness,	ecosystem	functions	and	downstream	water	qual-
ity	(Finn,	Bonada,	Múrria,	&	Hughes,	2011;	Gomi,	Sidle,	&	Richardson,	
2002;	Meyer	et	al.,	2007);	however,	their	intricate	link	to	surround-
ing	landscapes	makes	them	susceptible	to	anthropogenic	change.	In	
central	Appalachia—a	land	area	covering	approximately	60,000	km2 
in	the	eastern	U.S.A.	(Bernhardt	et	al.,	2012)—resource	extraction	in	
the	form	of	mountaintop-	removal	coal	mining	is	an	important	source	
of	headwater	stream	salinisation	(Palmer	et	al.,	2010).	Specific	con-
ductance	(SC),	a	surrogate	measure	of	dissolved	major	ions	compos-
ing	salinity	(Hem,	1985),	ranges	from	20	to	130	μS/cm	in	relatively	
undisturbed	central-	Appalachian	streams	to	>2,500	μS/cm	in	mining-	
influenced	streams	(Bernhardt	et	al.,	2012;	Timpano,	Zipper,	Soucek,	
&	Schoenholtz,	2018).	In	mining-	influenced	Appalachian	streams,	sa-
linisation	has	been	identified	as	the	primary	stressor,	or	limiting	fac-
tor	(Cormier,	Suter,	Zheng,	&	Pond,	2013;	Pond,	Passmore,	Borsuk,	
Reynolds,	&	Rose,	2008;	Timpano,	Schoenholtz,	Soucek,	&	Zipper,	
2015),	for	macroinvertebrates,	despite	its	co-	occurrence	with	other	
potential	stressors,	such	as	elevated	levels	of	suspended	solids,	al-
kalinity,	selenium,	manganese,	and	nitrogen,	and	with	altered	physi-
cal	habitat	(Bernhardt	et	al.,	2012;	Lindberg	et	al.,	2011;	Pond	et	al.,	
2008).	 Although	 macroinvertebrate	 richness	 in	 mining-	influenced	
streams	 is	 typically	 reduced	 (Fritz	 et	al.,	 2010;	 Pond	 et	al.,	 2008;	
Voss	&	Bernhardt,	2017),	 less	 is	known	about	potential	changes	 in	
microbial	communities	and	organic	matter	decomposition	along	gra-
dients	of	mining-	induced	salinisation	(Lecerf	&	Chauvet,	2008;	Pond	
et	al.,	2008).

In	 this	 study,	 we	measured	microbial	 and	macroinvertebrate	
richness,	 composition,	 and	 β-	diversity	 across	 a	 mining-	induced	
salinity	 gradient	 in	 Appalachian	 headwater	 streams,	where	 sites	

our	study	and	that	other	ecosystem	functions	may	be	affected	by	loss	of	salinity-
sensitive	taxa.
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were	 selected	 for	 similarity	 in	 all	 characteristics	 other	 than	 sa-
linity.	We	predicted	that:	(1)	taxonomic	richness	of	microbes	and	
macroinvertebrates	would	decrease	as	SC	 increases;	 (2)	 commu-
nity	composition	in	mining-	influenced	streams	would	become	in-
creasingly	dissimilar	to	that	in	reference	streams	as	SC	increases;	
and	 (3)	 variability	 in	 composition	 across	 streams,	 or	 β-	diversity,	
would	 be	 likely	 to	 occur	 by	 losses	 of	 salinity-	sensitive	 taxa	 cre-
ating	more	 nestedness	 than	 taxonomic	 replacement	 of	 both	mi-
crobial	 and	 macroinvertebrate	 communities.	 We	 quantified	 leaf	
litter	decomposition,	as	a	measure	of	organic	matter	decomposi-
tion,	and	predicted	that	(4)	decomposition	rates	would	be	reduced	
as	SC	 increases	and	species	 richness	decreases,	unless	microbial	
and	 macroinvertebrate	 detritivores	 were	 among	 the	 remaining	
salinity-	tolerant	taxa.

2  | METHODS

2.1 | Study sites

We	 studied	 24	 first-	order	 headwater	 streams	 in	 the	 central	
Appalachian	 coalfield	 region	 of	 Virginia	 and	West	 Virginia,	 U.S.A.	
(Figure	1).	Five	streams	were	classified	as	reference,	as	they	are	not	
salinised	by	mining,	are	relatively	unimpacted	by	anthropogenic	ac-
tivities	 (Timpano	 et	al.,	 2015),	 and	 have	 SC	 comparable	 to	 that	 of	
estimated	natural	 background	 levels	 in	 the	 region	 (Griffith,	 2014).	
Nineteen	 streams	were	 classified	 as	mining-influenced,	 as	 they	 re-
ceive	 waters	 discharged	 by	 or	 draining	 from	 active	 or	 completed	
surface	 coal	 mines	 (Figure	1).	 We	 endeavoured	 to	 select	 mining-	
influenced	 stream	sites	with	non-	salinity	 attributes	 comparable	 to	
those	of	reference	streams	so	as	to	minimise	potential	confounding	
of	the	salinity	variable.	All	streams	had	intact	riparian	forest,	and	21	
had	≥50%	forest	cover	in	their	catchments	(Timpano,	Zipper,	et	al.,	
2018).	Other	characteristics	were	similar	across	study	sites	(Table	1,	

see	Appendices	 S1	 and	 S2)	 including	 instream	 habitat,	which	was	
comparable	among	reference	and	mining-	influenced	streams	as	de-
termined	using	Rapid	Bioassessment	Protocols	(Barbour,	Gerritsen,	
Snyder,	&	Stribling,	1999,	Table	1).

2.2 | Salinity and water chemistry

We	 measured	 SC	 at	 15–30-	min	 intervals	 using	 automated	 data	
loggers	(HOBO	Freshwater	Conductivity	Data	Logger,	model	U24-	
001,	 Onset	 Computer	 Corp.,	 Bourne,	 Massachusetts;	 Timpano,	
Zipper,	 et	al.,	 2018).	 We	 measured	 physicochemical	 parameters	
and	 collected	grab	 samples	of	 stream	water	 in	October	2015	and	
April	 2016.	We	 analysed	water	 for	major	 cations	 and	 select	 trace	
elements	by	 ICP-	MS,	 for	sulfate	and	chloride	by	 ion	chromatogra-
phy,	and	for	bicarbonate	by	calculation	from	alkalinity	titration.	See	
Timpano,	Schoenholtz,	Soucek,	and	Zipper	(2018)	for	details	of	ana-
lytical	chemistry	methods.

2.3 | Leaf packs

We	used	standardised	 leaf	packs	to	assess	 influence	of	salinity	on	
organic	matter	decomposition	and	microbial	and	macroinvertebrate	
richness	and	composition.	We	collected	 freshly	abscised	 leaves	of	
Quercus alba	(white-	oak),	a	common	species	throughout	the	region.	
Leaves	were	uniformly	mixed,	air-	dried	 indoors,	and	weighed	until	
constant	mass	was	 achieved.	 Dried	 leaves	 (6.5	±	0.2	g)	 were	 then	
placed in c.	28	cm	×	30	cm	nylon	coarse-	mesh	(6	mm)	and	fine-	mesh	
(1	mm)	 packs.	 We	 anchored	 coarse-		 and	 fine-	mesh	 packs	 to	 the	
streambed	at	three	separate	locations	in	each	stream	in	November	
2015.	We	placed	leaf	packs	in	runs	(transitional	zones	between	rif-
fles	and/or	pools)	to	maximise	the	likelihood	of	them	remaining	sub-
merged	and	to	minimise	loss	of	packs	from	high	streamflow	during	
the	study.	We	collected	leaf	packs	approximately	every	30	days	until	

F I G U R E  1    (a)	Map	of	the	Appalachian	
coalfield	region	(shaded)	in	eastern	U.S.A.	
(box	shows	study	region),	(b)	aerial	image	
example	of	a	mining-	influenced	stream	
study	site	(grey	land	area	indicates	barren	
mine	lands),	and	(c)	study	region	map	
showing	stream	sites	(n	=	24)	located	in	
southwestern	Virginia	and	southern	West	
Virginia
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April	2016.	 In	 the	 field,	we	stored	collected	 leaf	packs	on	 ice	and	
immediately	returned	them	to	the	laboratory	for	further	processing.

2.4 | Microbial community characterisation

We	 characterised	 bacterial	 and	 fungal	 communities	 by	 amplifying	
the	V4	region	of	the	bacterial	16S	rRNA	gene	and	the	fungal	 ITS1	
region	using	polymerase	chain	reaction	(PCR),	following	previously	
published	protocols	 (Caporaso	et	al.,	2012;	Sun,	Li,	Avera,	Strahm,	
&	Badgley,	 2017).	 Briefly,	 total	DNA	was	 extracted	 from	 approxi-
mately	0.25	g	of	leaf	material	collected	from	coarse-	mesh	packs	sub-
mersed	for	150	days	using	the	PowerSoil	DNA	isolation	kit	(Mo	Bio	
Laboratories,	Carlsbad,	CA,	U.S.A.).	The	PCR	used	targeted	primer	
pairs	Eub338	(5′-	ACT	CCT	ACG	GGA	GGC	AGC	AG-	3′)	and	Eub518	
(5′-	ATT	 ACC	 GCG	 GCT	 GCT	 GG-	3′)	 for	 bacteria	 (Caporaso	 et	al.,	
2012),	 and	 ITS1f	 (5′-	TCC	GTA	GGT	GAA	CCT	GCG	G-	3)	 and	 5.8s	
(5′-	CGC	TGCGTTCTTCAT	CG-	3′)	 for	 fungi	 (Bellemain	et	al.,	2010).	
We	 amplified	 samples	 in	 triplicate	 on	 thermal	 cyclers	 (Bio-	Rad,	
Hercules,	CA,	U.S.A.),	then	pooled	and	visualised	them	on	agarose	
gels.	Negative	(no	template)	amplification	controls	were	conducted	
for	each	 sample	using	 the	correct	barcoded	primer	pair.	Each	am-
plification	control	was	visualised	using	gel	electrophoresis	to	verify	
that	 no	 contamination	was	 present	 prior	 to	 sequencing.	We	 used	
an	UltraClean	PCR	cleanup	kit	(Mo	Bio	Laboratories)	to	purify	PCR	
products	following	amplification.	Amplicons	were	sequenced	on	the	
Illumina	MiSeq	 platform	 (250	bp	 paired	 end)	 at	 the	 Virginia	 Tech	
Biocomplexity	 Institute.	 Raw	 sequencing	 reads	were	 deposited	 in	
the	NCBI	BioProject	database	(accession	number:	PRJNA484970).

2.5 | Macroinvertebrate community 
characterisation

We	 collected	 benthic	 macroinvertebrates	 using	 two	 methods	 to	
characterise	richness	and	composition	reach-	wide	and	in	leaf	packs.	
For	reach-	wide	characterisation,	we	composited	macroinvertebrate	
samples	from	six	1	×	0.3-	m	habitats	using	a	0.3-	m	D-	frame	kicknet	
(500-	μm	mesh)	along	a	100-	m	reach	at	each	study	site	 in	October	
2015	(Barbour	et	al.,	1999).	Before	preserving	samples	in	95%	etha-
nol,	we	removed	crustaceans	and	molluscs	to	avoid	collecting	at-	risk	
species	found	in	this	region.	We	randomly	sub-	sampled	reach-	wide	
macroinvertebrates	in	the	laboratory	to	obtain	200	(±20)	organisms	
(Barbour	et	al.,	1999).

For	 leaf-	pack	 characterisation,	 we	 removed	 all	 macroinverte-
brates	from	leaf	packs	following	90	days	of	submersion.	In	the	labo-
ratory,	we	removed	leaves	from	coarse-	mesh	packs	and	rinsed	them	
over	a	250-	μm	sieve.	Leaf	fragments	>1	cm2	were	removed	from	the	
sieve	and	the	remaining	sample	(fine	sediments,	macroinvertebrates)	
was	placed	 into	a	small	white	pan.	Under	a	stereo	microscope,	we	
enumerated	and	identified	macroinvertebrates	to	genus-	level	using	
a	standard	key	(Merritt,	Cummins,	&	Berg,	2008),	except	organisms	
in	 the	 families	Chironomidae,	Capniidae,	Leuctridae,	and	sub-	class	
Oligochaeta.	 Damaged	 or	 immature	 organisms	 were	 identified	 to	
the	lowest	practicable	level.	We	assigned	functional	feeding	groups	TA
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to	identified	taxa	using	a	functional	trait	niche	database	(Poff	et	al.,	
2006).

2.6 | Organic matter decomposition

We	measured	leaf	litter	decomposition	as	a	surrogate	of	organic	mat-
ter	 decomposition	 following	 a	 standard	 protocol	 that	 involved	 re-
moving	leaf	packs	from	streams	at	regular	intervals	(Benield,	2006).	
In	 the	 laboratory,	 we	 removed	 leaves	 from	 leaf	 packs	 and	 rinsed	
samples	over	250-	μm	sieves	to	separate	leaf	material	from	mineral	
deposits	 and	 macroinvertebrates.	 We	 dried	 leaves	 until	 reaching	
constant	dry	mass	(DM)	in	an	oven	(60°C)	before	aggregating,	mill-
ing,	and	ashing	leaves	at	550°C.	We	calculated	the	%	organic	matter	
and	multiplied	 by	DM	 to	 obtain	 ash-	free	 dry	mass,	 from	which	%	
ash-	free	dry	mass	remaining	was	determined.

2.7 | Data analysis

We	cleaned	raw	microbial	sequencing	reads	using	standard	protocols	
(details	 in	 Supporting	 Information	 Appendix	 S3).	 Any	 operational	
taxonomic	units	(OTUs)	identified	as	non-	bacterial	(chloroplast,	mi-
tochondrial,	or	archaeal)	were	removed.	For	downstream	analyses,	
10,000	bacterial	16S	and	1,062	fungal	ITS	sequences	were	randomly	
selected	 for	 each	 sample	 to	 correct	 for	 differences	 in	 sequencing	
depth.	We	removed	OTUs	that	(1)	did	not	account	for	>0.1%	of	rela-
tive	 abundance	 in	 at	 least	 one	 sample	 and	 (2)	were	 only	 found	 in	
one	sample	to	prevent	potential	bias	from	misidentified	or	rare	taxa	
from	influencing	microbial	analyses.	Rarefaction	and	removing	rare	
species	was	done	using	vegan	 (Oksanen	et	al.,	2013)	and	OTUtable 
(Linz	et	al.,	2017)	packages	in	R	(version	3.2.2;	R	Core	Team,	2017),	
respectively.

We	tested	effects	of	SC	on	microbial	and	macroinvertebrate	taxa	
richness	using	non-	parametric	Spearman	rank	correlation.	We	aver-
aged	 taxonomic	 richness	 at	 each	 site	 from	all	within-	site	 replicate	
samples	collected	on	the	same	day	for	microbes	and	leaf-	pack	mac-
roinvertebrates.	We	used	 separate	SC	values	 in	 these	 tests	based	
on	the	antecedent	150-	,	365-	,	and	90-	day	periods	preceding	sample	
collection	 for	 microbial	 and	 for	 reach-	wide,	 and	 leaf-	pack	 macro-
invertebrate	 samples	 to	most	 accurately	 represent	 salinity	 experi-
enced	by	these	groups	during	the	study	period.	We	calculated	rho	
using	 the	R	base	package	and	 JMP	Pro	 (version	13;	SAS	 Institute,	
Cary,	NC,	U.S.A.)	software	and	a	test	α	=	0.05.

We	 tested	 effects	 of	 SC	 on	 microbial	 and	 macroinvertebrate	
community	 composition	 by	 correlating	 SC	 with	 non-	metric	 multi-
dimensional	 scaling	 (NMDS)	 axis	 scores.	 We	 averaged	 taxonomic	
relative	 abundance	 at	 each	 site	 from	within-	site	 replicate	 samples	
as	 described	 above.	 We	 then	 calculated	 the	 Bray-	Curtis	 dissim-
ilarity	 index	 from	 the	 abundance	 data	 and	 ordinated	 samples	 in	
two-	dimensional	 space.	We	 rotated	 NMDS	 solutions	 to	maximise	
correlation	of	axis	1	with	SC	before	computing	rho	of	axis	1	scores	
and	SC	 (Legendre	&	Legendre,	2012).	Macroinvertebrate	 taxa	axis	
1	scores	from	NMDS	were	extracted	to	allow	visualisation	of	taxa	
associations	 with	 sites	 along	 the	 salinity	 gradient.	 We	 used	 the	

vegan	package	in	R	for	dissimilarity	index	calculation,	ordination,	and	
NMDS	rotation	(Oksanen	et	al.,	2013).

We	 performed	 Spearman	 rank	 correlations	 to	 determine	 re-
sponses	to	SC	for	the	127	and	69	most	abundant	(by	mean	relative	
abundance)	 bacterial	 and	 fungal	 OTUs,	 respectively.	 These	 OTUs	
constituted	 >70%	 and	 c.	 90%	 of	 total	 OTU	 relative	 abundance,	
respectively.

We	partitioned	dissimilarity	in	community	composition	into	two	
components,	taxonomic	replacement	and	nestedness,	of	β-	diversity	
using	a	Sorenson-	index	with	presence–absence	data	(Baselga,	2010).	
The	replacement	component	accounts	for	taxa	that	are	replaced	by	
others	across	sites,	whereas	nestedness	occurs	when	taxa	are	 lost	
without	 replacement;	 that	 is,	 taxa	at	one	site	are	a	 subset	of	 taxa	
found	at	another	site	(Baselga,	2010).	We	used	the	betapart	package	
in R for β-	partitioning	(Baselga,	2010).

Leaf	decomposition	rates	were	determined	based	on	a	first-	order	
decay	model	 (Benfield,	 2006),	 with	 adjustments	 for	 mass	 loss	 in-
curred	from	handling	during	transport	and	installation	of	leaf	packs.	
Rates	were	calculated	separately	 for	90-		and	150-	day	submersion	
periods	for	coarse-	mesh	packs	and	90	days	for	fine-	mesh	packs.

3  | RESULTS

3.1 | Salinity and water chemistry

Mean	SC	in	the	24	streams	ranged	from	20	to	1,302	μS/cm	during	
the	150-	day	study	period	(November	2015–April	2016;	Table	1)	and	
similar	to	the	antecedent	4	years	(2011–2015)	when	mean	SC	over	
that	period	ranged	from	24	to	1,431	μS/cm	(Timpano,	Zipper,	et	al.,	
2018).	 Ionic	composition	of	water	was	generally	consistent	among	
streams	 of	 the	 same	 type	 but	 did	 vary	 between	 reference	 and	
mining-	influenced	 streams	 (Supporting	 Information	 Appendix	 S1).	
Reference	stream	waters	were	dominated	by	calcium	(Ca2+),	sodium	
(Na+),	and	bicarbonate	 (HCO−

3
),	whereas	mining-	influenced	streams	

were	 dominated	 by	 Ca2+,	 magnesium	 (Mg2+),	 sulfate	 (SO2−

4
),	 and	

HCO
−

3
	 (Supporting	 Information	Appendix	 S1).	 Relative	 proportions	

of	Na+,	potassium	(K+),	and	chloride	(Cl−)	were	generally	low	in	both	
mining-	influenced	 and	 reference	 streams	 (Supporting	 Information	
Appendix	S1).

3.2 | Biological samples

A	 total	 of	 2,308,907	 bacterial	 (16S)	 and	 300,443	 fungal	 (ITS)	 se-
quences	 were	 processed	 from	 raw	 sequencing	 reads,	 averaging	
39,134	and	4,622	reads	per	sample	for	bacterial	(n	=	59)	and	fungal	
(n	=	65)	samples,	respectively.	From	these	sequences,	we	identified	
10,345	and	1,244	bacterial	and	fungal	OTUs,	respectively.	For	mac-
roinvertebrates,	we	identified	a	total	of	4,703	individuals	from	120	
taxa	among	all	reach-	wide	samples	(n	=	24)	and	1,798	individuals	from	
56	taxa	among	all	leaf-	pack	samples	(n	=	72).	Allocapnia	(Plecoptera;	
29%),	Diplectrona	(Trichoptera;	17%),	Chironomidae	(Diptera;	10%),	
Cheumatopsyche	 (Trichoptera;	 5%),	 and	 Hydropsyche	 (Trichoptera;	
4%)	were	the	dominant	macroinvertebrates	 in	 reach-	wide	samples	
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in	 terms	 of	 relative	 abundance.	 In	 leaf	 packs,	 relative	 abundance	
was	 highest	 for	 Chironomidae	 (59%),	 Amphinemoura	 (Plecoptera;	
7%),	Diplectrona	 (5%),	 Capniidae/Leuctridae	 (Plecoptera;	 4%),	 and	
Oligochaeta	(3%).

3.3 | Microbial and macroinvertebrate richness 
along salinity gradient

Bacterial	 richness	 was	 negatively	 correlated	 with	 SC	 (ρ	=	−0.50,	
p	=	0.014);	however,	fungal	richness	showed	no	correlation	with	SC	

(ρ	=	−0.25,	 p	=	0.245,	 Figure	2a,b).	 Reach-	wide	 macroinvertebrate	
richness	 was	 negatively	 correlated	 with	 SC	 (ρ	=	−0.59,	 p	=	0.002),	
whereas	 leaf-	pack	 macroinvertebrate	 richness	 was	 not	 correlated	
with	SC	(ρ	=	0.13,	p	=	0.559,	Figure	2c,d).

3.4 | Microbial and macroinvertebrate community 
composition along salinity gradient

Microbial	and	macroinvertebrate	taxonomic	composition	became	in-
creasingly	dissimilar	along	the	salinity	gradient.	Ordination	revealed	

F I G U R E  2   Correlations	of	microbial	and	macroinvertebrate	richness	with	specific	conductance	at	24	headwater	stream	sites.	Lettering	
corresponds	to	bacterial	(a),	fungal	(b),	reach-	wide	macroinvertebrate	(c)	and	leaf-	pack	macroinvertebrate	(d)	richness.	Specific	conductance	
values	are	site	means	from	the	150,	365,	and	90	days	prior	to	collection	of	microbial,	reach-	wide,	and	leaf-	pack	macroinvertebrate	
communities,	respectively
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that	SC	was	correlated	with	bacterial	(ρ	=	0.78,	p	<	0.001)	and	fungal	
(ρ	=	0.51,	 p	=	0.011)	 composition	 (Figure	3a,b).	 For	 macroinverte-
brates,	 taxonomic	 composition	was	 correlated	with	 SC	 for	 reach-	
wide	(ρ	=	0.63,	p	<	0.001)	and	leaf-	pack	samples	(ρ	=	0.42,	p = 0.042; 
Figure	3c,d).

Bacterial	and	fungal	OTUs	varied	 in	the	direction	and	strength	
of	 their	 response	 to	 SC	 (Supporting	 Information	 Appendix	 S4).	
Relative	abundance	of	25	of	the	127	most	abundant	bacterial	OTUs	
varied	 negatively	with	 increasing	 SC,	whereas	 relative	 abundance	
of	 13	 bacterial	 OTUs	 increased	 with	 SC	 (Supporting	 Information	
Appendix	S4).	When	bacterial	OTUs	were	analysed	at	 the	phylum	
and	sub-	phylum	levels,	relative	abundances	of	Verrucomicrobia	 in-
creased	with	SC,	whereas	relative	abundances	of	Cyanobacteria	and	
Gammaproteobacteria	decreased	with	SC	 (Supporting	 Information	
Appendix	S4).	Relative	abundances	of	15	of	the	69	most	abundant	
fungal	OTUs	varied	negatively	with	increasing	SC,	whereas	relative	
abundances	 of	 two	 fungal	 OTUs	 increased	 with	 SC	 (Supporting	
Information	 Appendix	 S4).	 Fungal	 relative	 abundances	 at	 the	

phylum	and	sub-	phylum	level	did	vary	in	response	to	SC	(Supporting	
Information	Appendix	S4).

Cheumatopsyche,	 Diplectrona,	 Taeniopterygidae,	 Hydropsyche,	
Allocapnia,	 Rhyacophila,	 Leuctra,	 and	 Optioservus	 were	 the	 domi-
nant	taxa	associated	with	sites	 in	the	higher	range	of	SC,	whereas	
Chironomidae	 and	 Paracapnia	 associated	 with	 sites	 in	 the	 lower	
SC	 range	 in	 reach-	wide	 samples	 (Figure	3c).	 For	 leaf-	pack	 sam-
ples,	 Nemoura,	 Rhyacophila,	 Capniidae/Leuctridae,	 Chironomidae,	
Cheumatopsyche,	 and	 Oligochaeta	 were	 the	 dominant	 taxa	 asso-
ciated	 with	 sites	 in	 the	 higher	 SC	 range,	 whereas	Amphinemoura,	
Diplectrona,	Tipulidae,	 and	Peltoperla	were	associated	with	 sites	 in	
the	lower	SC	range	(Figure	3d).

3.5 | Beta diversity of microbial and 
macroinvertebrate communities

Dissimilarity	 of	 microbial	 and	 macroinvertebrate	 communities	 was	
dominated	by	taxonomic	replacement	rather	than	nestedness	(Table	2).	

F I G U R E  3   Correlations	of	microbial	and	macroinvertebrate	taxonomic	composition	with	specific	conductance	at	24	headwater	streams.	
Non-	metric	multidimensional	scaling	axis	1	scores	were	generated	from	Bray–Curtis	dissimilarity	indices	and	rotated	to	best	visualise	
changes	in	composition	in	relation	to	specific	conductance.	Lettering	corresponds	to	bacterial	(a),	fungal	(b),	reach-	wide	macroinvertebrate	
(c),	and	leaf-	pack	macroinvertebrate	(d)	composition.	Specific	conductance	values	are	site	means	from	the	150,	365,	and	90	days	prior	to	
collection	of	microbial,	reach-	wide,	and	leaf-	pack	macroinvertebrate	communities,	respectively.	Insets	show	macroinvertebrate	species	
scores	NMDS	axis	1	(Allo,	Allocapnia;	Amph,	Amphinemura;	Capn,	Capniidae/Leuctridae;	Cheu,	Cheumatopsyche;	Chir,	Chironomidae;	Dipl,	
Diplectrona;	Hydr,	Hydropsyche;	Leuc,	Leuctra;	Nemo,	Nemoura;	Oligo,	Oligochaeta;	Optio,	Optioservus;	Para,	Paracapnia;	Pelt,	Peltoperlidae,	
Rhya,	Rhyacophila;	Taen,	Taeniopteryx;	Tipl,	Tipulidae)



8  |     VANDER VORSTE ET Al.

Replacement	 (βSIM)	 represented	 83%	 and	 93%	 of	 total	 dissimilarity	
(βSOR)	 for	 bacteria	 and	 fungi,	 respectively	 (Table	2).	 For	macroinver-
tebrates,	 replacement	 represented	88%	and	94%	of	 reach-	wide	and	
leaf-	pack	macroinvertebrate	total	dissimilarity,	respectively	(Table	2).

3.6 | Organic matter decomposition across mining- 
induced salinity gradient

Leaf	 decomposition	 rates	 were	 not	 correlated	 with	 SC	 in	 coarse-	
mesh	 (ρ	=	0.28,	 p	=	0.186,	 Figure	4)	 and	 fine-	mesh	 (ρ	=	0.05,	
p	=	0.809,	 Supporting	 Information	Appendix	 S5)	 leaf	 packs	 during	
a	90-	day	submersion	period.	Similarly,	coarse-	mesh	decomposition	
rate	based	on	a	150-	day	submersion	period	was	not	correlated	with	
SC	(ρ	=	0.04,	p	=	0.840,	not	shown).

A	 total	 of	 12	 macroinvertebrate	 shredder	 taxa	 were	 found	 in	
coarse-	mesh	leaf	packs,	with	Amphinemura	(Plecoptera:Nemouridae),	
Capniidae/Leuctridae	 (Plecoptera),	 Tipula	 (Diptera:Tipulidae)	 and	
Peltoperla	 (Plecoptera:Peltoperlidae)	 being	 the	 most	 abundant.	
Leaf-	pack	 shredder	 abundance	 was	 positively	 correlated	 with	 SC	
(ρ	=	0.55,	p	=	0.005,	Figure	5),	whereas	leaf-	pack	shredder	richness	
was	not	correlated	with	SC	(ρ	=	0.28,	p	=	0.176,	not	shown).

4  | DISCUSSION

Natural	 levels	 of	 salinity	 shape	 the	 richness	 and	 composition	 of	
aquatic	 communities	 but	 less	 is	 known	 about	 how	 communities	

respond	to	anthropogenic	salinisation.	Across	a	mining-	induced	sa-
linity	gradient	ranging	from	SC	of	25–1,383	μS/cm	(annual	mean)	in	
24	headwater	streams,	we	found	bacterial	and	reach-	wide	macroin-
vertebrates	richness	were	reduced,	but	contrary	to	our	predictions	
we	 did	 not	 find	 changes	 in	 fungal	 and	 leaf-	pack	 macroinverte-
brates	richness.	Bacteria,	fungi,	and	both	reach-	wide	and	leaf-	pack	
macroinvertebrate	 community	 composition	 in	 mining-	influenced	
streams	became	increasingly	dissimilar	to	those	at	reference	streams	
as	mining-	induced	salinity	increased.	Beta-	diversity	across	sites	was	
driven	mainly	by	taxonomic	replacement	rather	than	nestedness	in	
all	communities.

To	 better	 understand	 potential	 changes	 in	 organic	 matter	 de-
composition,	we	measured	leaf	litter	decomposition	rates	but	found	
no	 statistically	 significant	 relationship	 between	 decomposition	
and	salinity.	Leaf	decomposition	was	probably	maintained	through	
taxonomic	 replacement	 of	 sensitive	 taxa	 by	 salinity-	tolerant	 fungi	
and	macroinvertebrate	shredders	in	our	study	streams.	Our	results	
address	 the	 relatively	 unexplored	 relationships	 between	 anthro-
pogenic	 salinisation	and	aquatic	 communities	 and	 inform	a	 critical	
aspect	 of	 freshwater	 management-	related	 salinisation	 effects	 on	
ecosystem	functions.

4.1 | Salinity as a limiting factor for biological 
communities in mining- influenced streams

In	our	 study,	we	 selected	 sites	 that	 allowed	measuring	ecosystem	
responses	along	a	salinity	gradient	where	most	non-	salinity	factors,	
such	 as	 habitat	 quality,	 hydrology,	 and	 water-	quality	 differences	
other	than	major-	ion	concentrations	(Timpano	et	al.,	2015)	in	mining-	
influenced	 streams	 were	 similar	 to	 those	 of	 reference	 streams.	
Mining-	influenced	 and	 reference	 streams	 in	 this	 study	 had	 similar	
habitat	quality	(Table	1)	and	all	study	sites	were	first-	order	streams	
with	similar	mean	catchment	areas	(Table	1),	which	suggests	similari-
ties	in	mean	discharge.	Although	mining	activities	can	influence	infil-
tration	and	baseflows	(Evans,	Zipper,	Hester,	&	Schoenholtz,	2015),	a	
prior	study	demonstrated	that	seasonal	variation	of	salinity	is	similar	
for	our	mining-	influenced	and	 reference	 sites	and	 that	 these	 simi-
larities	are	a	result	of	similar	seasonal	hydrologic	variation	(Timpano,	
Zipper,	et	al.,	2018).

We	 also	 attempted	 to	 minimise	 potential	 differences	 of	 ion	
matrix	and	trace	elements	across	study	sites.	First,	ionic	composi-
tion	of	stream	water	varied	among	sites	(Appendix	S1)	as	a	direct	
consequence	of	the	geochemical	processes	that	produce	elevated	
salinity	 in	 mined	 landscapes	 (Clark,	 Daniels,	 Zipper,	 &	 Eriksson,	
2018).	 Therefore,	 ionic	 composition	 did	 not	 vary	 independently	
from	SC	(Timpano	et	al.,	2017),	making	SC	a	suitable	surrogate	for	

β measure Bacteria Fungi
Reach- wide 
macroinvertebrates

Leaf- pack 
macroinvertebrates

βSIM 0.623 0.803 0.828 0.835

βSNE 0.112 0.060 0.050 0.059

βSOR 0.735 0.863 0.878 0.894

TA B L E  2   Microbial and 
macroinvertebrate	dissimilarity	
partitioned	into	replacement	(βSIM)	and	
nestedness	(βSNE)	components	of	total	
dissimilarity	(βSOR)

F I G U R E  4   Leaf	decomposition	rates	(mean	±	1	SE)	in	coarse-	
mesh	packs	at	24	headwater	streams	over	a	90-	day	period.	Specific	
conductance	values	are	site	means	during	the	same	period
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salinity	while	limiting	our	ability	to	assess	the	differential	effects	
of	individual	ions	as	done	in	previous	studies	(Clements	&	Kotalik,	
2016;	Mount,	Gulley,	Hockett,	Garrison,	&	Evans,	1997).	Second,	
trace	elements	Al,	Cu,	Fe,	and	Zn	were	below	criteria	continuous	
concentrations	(CCC)	for	aquatic	life	in	quarterly	samples	collected	
during	our	study	(Appendix	S2)	indicating	a	likely	lack	of	toxicity	for	
macroinvertebrates	(USEPA,	2004).	Selenium	was	generally	below	
the	 CCC	 of	 3.1	μg/L	 for	macroinvertebrates	 (USEPA,	 2016),	 but	
we	observed	Se	greater	 than	 the	CCC	at	 four	mining-	influenced	
streams	in	this	study	and	in	a	prior	study	(Timpano,	Schoenholtz,	
et	al.,	2018)	and	therefore	cannot	rule	out	the	potential	influence	
of	Se	in	our	results.	Selenium	concentrations	observed	in	four	of	
our	mining-	influenced	streams	were	within	the	range	of	those	with	
potential	 to	 influence	 fecundity	 but	 below	 those	 likely	 to	 influ-
ence	 survival	 of	 an	 Ephemeroptera	 taxon,	 Centroptilum triangu-
lifer	 (Conley,	Funk,	&	Buchwalter,	2009;	Whitmore,	Schoenholtz,	
Soucek,	 Hopkins,	 &	 Zipper,	 2018).	 For	 microbial	 communities,	
less	 is	known	about	tolerance	to	trace	elements;	hence,	we	can-
not	assume	microbial	 tolerance	 for	all	 trace	elements	associated	
with	mining	effluent	though	bacteria	are	considered	tolerant	to	Se	
(Janz	et	al.,	2010).

Lastly,	 alteration	 of	 nutrients	 (e.g.	N,	 P)	 and	C	 downstream	of	
mined	 lands	 are	 potential	 confounding	 factors.	 Prior	 studies	 of	
Appalachian	mining	have	found	N	enrichment	to	co-	occur	with	sa-
linisation,	but	with	P	 remaining	at	 levels	below	detection	 limits	of	
0.05	mg/L	(Pond	et	al.,	2008)	and	0.007	mg/L	(Krenz,	Schoenholtz,	
&	Zipper,	2016).	Although	nutrients	were	not	assessed	in	this	study,	
careful	selection	of	our	study	sites	in	catchments	where	non-	mined	
areas	 are	 predominantly	 forests	 and	 devoid	 of	 other	 developed	
land	uses	 (Timpano,	Zipper,	et	al.,	2018)	ensures	minimal	 influence	
by	nutrients	from	non-	mining	sources,	and	suggests	a	likelihood	of	
similar	C	dynamics	across	our	salinity	gradient.	Therefore,	we	con-
clude	 that	 salinity	was	probably	 the	primary	 limiting	 factor	of	our	
observed	responses	in	bacteria,	fungi,	macroinvertebrates,	and	leaf	

litter	decomposition	but	we	cannot	 rule	out	 influence	by	all	other	
potential	co-	occurring	factors	associated	with	mining.

Several	 studies	have	concluded	 that	 salinisation	 is	 the	primary	
causative	stressor,	likely	due	to	osmoregulatory	effects,	despite	the	
presence	of	potential	confounding	influences	(Bernhardt	et	al.,	2012;	
Cormier	et	al.,	2013;	Pond	et	al.,	2008;	Timpano	et	al.,	2015).	Pond	
et	al.	 (2008)	 applied	causal-	influence	 logic	and	concluded	 that	 the	
altered	ionic	strength	of	streams	receiving	mining	effluents	satisfied	
six	of	eight	relevant	criteria	for	causation	of	the	macroinvertebrate	
community	alterations	observed.	Similarly,	Cormier	et	al.	(2013)	ap-
plied	 a	 six-	step	 weight-	of-	evidence	 approach	 to	 assess	 causation	
for	observed	extirpations	of	multiple	macroinvertebrate	 taxa	 from	
mining-	influenced	streams	in	Central	Appalachia	and	found	salinity	
to	 be	 the	 primary	 cause.	 Appalachian	mining	 effects	 on	microbial	
communities,	 however,	 are	 not	well	 studied,	 and	we	 are	 aware	 of	
no	 similar	mining	 	induced	 causality	 assessments	 for	 alterations	 of	
microbial	communities.

4.2 | Microbial and macroinvertebrate richness 
along mining- induced salinity gradient

Our	results	confirm	potential	consequences	of	salinisation	on	aquatic	
community	richness	by	showing	that	negative	salinity-	richness	rela-
tionships	can	occur	even	over	relatively	moderate	gradients	of	salin-
ity.	Previous	 studies	attributed	 reductions	 in	microbial	 richness	 to	
mining	pollution	(Bier,	Voss,	&	Bernhardt,	2015;	Lecerf	&	Chauvet,	
2008).	Lecerf	and	Chauvet	(2008),	using	microscope	identification,	
found	 fungal	 species	 richness	was	 reduced	 by	 >50%	 in	 a	mining-	
influenced	stream	compared	to	a	control	stream	(SC	mean	=	575	μS/
cm	versus	170	μS/cm).	In	our	study,	bacterial	richness	decreased	and	
fungal	richness	did	not	change	with	an	increase	in	salinity.	Despite	
broad-	scale	efforts	to	measure	aquatic	microbial	richness	across	sa-
linity	gradients	 (Herlemann	et	al.,	2011;	Lozupone	&	Knight,	2007;	
Mohamed	&	Martiny,	2011),	additional	studies	of	salinity	effects	on	
freshwater	bacterial	and	fungal	communities	are	clearly	required	be-
fore	generalising	salinity-	microbial	richness	relationships.

Macroinvertebrate	richness	frequently	declines	with	 increasing	
salinity	 and	 our	 study	 partially	 corroborates	 previous	 research	 on	
this	topic,	at	least	at	the	reach	scale	(Cañedo-	Arguelles	et	al.,	2013;	
Pond	et	al.,	2008).	Conceptually,	salinisation	acts	as	an	environmen-
tal	 filter	of	 the	regional	macroinvertebrate	species	pool	 that	 limits	
local	 species	 richness	 to	 salinity-	tolerant	 species	 (Kefford	 et	al.,	
2016;	Voss	&	Bernhardt,	2017).	 Indeed,	several	macroinvertebrate	
taxa	inhabiting	headwater	streams	are	locally-	extirpated	at	elevated	
salinity	 levels,	 especially	 members	 of	 the	 orders	 Ephemeroptera,	
Plecoptera,	 and	 Trichoptera	 (Pond,	 2012;	 Pond	 et	al.,	 2008).	 At	
the	 reach	 scale,	 our	 results	 here	 and	 in	 a	previous	 study	of	 these	
sites	 (Timpano,	 Schoenholtz,	 et	al.,	 2018;	 Timpano,	 Zipper,	 et	al.,	
2018)	bring	further	empirical	support	to	the	environmental	filtering	
concept	 as	 it	 relates	 to	mining-	induced	 salinity.	Within	 leaf	packs,	
however,	we	found	no	correlation	between	richness	and	salinity,	in-
dicating	the	importance	of	scale	when	investigating	biotic	responses	
to	 salinity.	 A	 likely	 explanation	 for	 this	 lack	 of	 relationship	 with	

F I G U R E  5 Macroinvertebrate	shredder	abundance	in	leaf	packs	
at	24	headwater	streams	after	90	days.	Specific	conductance	values	
are	site	means	during	the	same	period



10  |     VANDER VORSTE ET Al.

salinity	is	that	we	artificially	imposed	a	separate	and	influential	en-
vironmental	filter	by	measuring	richness	from	leaf	packs,	essentially	
filtering	 the	 local	 species	 richness	 to	mainly	detritivorous	 inverte-
brates.	Therefore,	our	results	suggest	that	salinisation	can	have	neg-
ative	 consequences	 on	 aquatic	 richness	 but	 careful	 consideration	
must	 be	made	 regarding	 the	 spatial	 scales	 and	 ecological	 roles	 to	
which	these	relationships	are	inferred.	In	efforts	aiming	to	explore	
salinisation	effects	on	specific	ecological	processes,	such	as	organic	
matter	decomposition,	the	leaf-	pack	scale,	or	the	media	of	choice,	is	
arguably	the	most	appropriate	scale	at	which	to	measure	richness.

4.3 | Microbial and macroinvertebrate community 
composition and β- diversity along mining- induced 
salinity gradient

Although	 alteration	 of	 microbial	 and	 macroinvertebrate	 commu-
nity	composition	has	been	shown	in	mining-	influenced	streams,	our	
study	helps	isolate	the	importance	of	salinity	from	other	commonly	
occurring	 changes.	Our	 results	 show	bacterial	 and	 fungal	 commu-
nity	composition	is	strongly	influenced	by	salinity	in	streams	where	
mining-	induced	salinity	 is	the	dominant	stressor,	whereas	previous	
work	exploring	mining	 impacts	on	microbial	communities	suggests	
that	 alteration	 occurs	 through	 heavy-	metal	 and	 pH	 changes	 (Bier	
et	al.,	2015;	Duarte,	Pascoal,	&	Cássio,	2004;	Ferreira,	Gulis,	Pascoal,	
&	Graca,	2014).	For	example,	 zinc	altered	 the	 relative	abundances	
of	 aquatic	 hyphomycetes	 (fungi)	 on	 leaves	 (Alnus glutinosa)	 with-
out	major	reductions	of	species	richness	 in	 laboratory	microcosms	
(Duarte	et	al.,	2004).	Although	some	taxonomic	changes	observed	
in	our	study	are	difficult	 to	 interpret	because	of	 limited	ecological	
knowledge	of	 the	groups,	 such	as	Verrucomicrobia,	other	changes	
suggest	 that	 anthropogenic	 salinisation	 led	 to	 important	 composi-
tional	 shifts.	 For	 example,	 the	 decrease	 in	Cyanobacteria	with	 in-
creasing	salinity	found	here	indicates	potential	negative	impacts	to	
instream	primary	productivity,	unless	other	primary	producers	(e.g.	
algae)	are	thus	freed	from	competition	with	Cyanobacteria	(Danger,	
Oumarou,	Benest,	&	Lacroix,	2007).	However,	identifying	taxonomic	
groups	 that	 responded	 to	 salinity	was	difficult	because	of	 current	
taxonomic	 resolution	 of	microbial	 communities.	 To	 further	 under-
stand	microbial	compositional	changes	along	mining-	induced	salinity	
gradients	and	links	to	ecosystem	functions,	more	precise	taxonomic	
and	 functional	 characterisation	 of	 OTUs	 is	 required	 (Bier	 et	al.,	
2015).

Alteration	 of	 macroinvertebrate	 communities	 is	 evident	 from	
mining-	induced	stressors	in	Appalachian	streams	(Fritz	et	al.,	2010;	
Pond	 et	al.,	 2008;	 Voss	 &	 Bernhardt,	 2017).	 For	 example,	 Pond	
et	al.	 (2008)	 showed	 changes	 in	 composition	 across	 27	 mining-	
influenced	stream	sites	compared	to	10	reference	sites	in	the	cen-
tral	 Appalachians	 of	West	 Virginia.	 Changes	 in	macroinvertebrate	
community	 composition	 are	 often	 related	 to	 the	 loss	 of	 salinity-	
sensitive	Ephemeroptera	(Fritz	et	al.,	2010;	Pond	et	al.,	2008;	Voss	
&	Bernhardt,	2017).	Our	results	and	those	from	a	concurrent	study	
(Timpano,	Schoenholtz,	et	al.,	2018),	confirm	that	Ephemeroptera	(ex-
cept	Baetidae)	are	greatly	reduced	or	absent	from	mining-	influenced	

Appalachian	streams.	In	contrast,	some	Trichoptera	(e.g.	Hydropsche,	
Cheumatopsyche,	 Diplectrona,	 Rhyacophila)	 and	 Plecoptera	 (e.g.	
Leuctra, Allocapnia,	Amphinemura,	Taeniopterygidae)	appeared	toler-
ant	to	the	salinity	gradient	studied	here.

Partitioning	 dissimilarity	 in	 community	 composition	 provides	
insights	 into	 the	 processes	 structuring	 communities	 along	 our	 sa-
linity	gradient.	For	bacteria,	fungi,	and	macroinvertebrates,	dissimi-
larity	in	composition	was	mainly	caused	by	taxonomic	replacement,	
meaning	that	as	salinity	 increased,	taxa	lost	were	replaced	by	oth-
ers.	Evidence	of	replacement	in	bacterial	communities	along	salinity	
gradients	from	high-	mountain	lakes	(Wu,	Zwart,	Schauer,	Kamst-	Van	
Agterveld,	&	Hahn,	2006)	to	estuaries	(Bouvier	&	Del	Giorgio,	2002)	
suggests	this	may	be	a	common	process	for	microbial	communities.	
Indeed,	diverse	bacterial	communities	exist	in	non-	saline	and	hyper-	
saline	environments	(Lozupone	&	Knight,	2007)	making	it	likely	that	
salinity-	tolerant	taxa	colonised	salinised	habitats.	Similarly,	Kefford	
et	al.	(2016)	hypothesised	that	some	replacement	by	salinity-	tolerant	
macroinvertebrates	 could	occur	 in	 salinised	 streams	but	 there	 are	
likely	 to	 be	 fewer	 salinity-	tolerant	 than	 sensitive	 taxa	 able	 to	 col-
onise.	Our	results	do	not	support	this	hypothesis	but	this	could	be	
because	the	salinity	gradient	studied	here	was	relatively	moderate	
in	comparison	to	other	systems	(e.g.	Kefford	et	al.,	2011),	including	
other	mining-	influenced	steams	(Fritz	et	al.,	2010;	Ladrera,	Caņedo-	
Argüelles,	&	Prat,	2017).	We	expect	that	macroinvertebrate	replace-
ment	occurs	at	low	to	moderate	increases	in	salinity	above	natural	
levels,	 as	 shown	 here,	 but	 nestedness	 is	 likely	 to	 occur	 at	 higher	
salinity	 levels.	For	example,	Fritz	et	al.	 (2010)	 found	SC	was	up	 to	
57×	higher	(max	SC	>	3,000	μS/cm)	and	leaf-	pack	macroinvertebrate	
richness	was	c.	50%	lower	in	mining-	influenced	streams	compared	to	
forested	streams.	This	suggests	that,	at	higher	levels	of	salinisation	
than	studied	here,	fewer	salinity-	tolerant	taxa	will	be	able	to	replace	
those	lost	and	communities	in	salinised	streams	will	become	increas-
ingly	nested.

4.4 | Maintaining organic matter decomposition in 
salinised freshwater ecosystems

Mining-	induced	salinisation	had	no	adverse	effect	on	leaf	decompo-
sition	rates	despite	the	aforementioned	alterations	to	microbial	and	
macroinvertebrate	communities,	suggesting	the	importance	of	spe-
cies	identity	and	abundance	to	ecosystem	function.	For	example,	we	
found	fungi	and	shredder	macroinvertebrates,	two	key	decomposers	
of	organic	matter,	were	relatively	tolerant	to	mining-	induced	salini-
sation.	Fungi	are	the	dominant	microbial	group	involved	in	decom-
position	in	streams	and	in	some	instances	constitute	up	to	95–99%	
of	total	microbial	biomass	on	decomposing	leaves,	whereas	macroin-
vertebrate	 shredders	 can	 contribute	greatly	 to	 leaf	mass	 loss	 (e.g.	
51–64%;	Hieber	&	Gessner,	2002).	Therefore,	increases	in	shredder	
abundance	found	here	 likely	helped	maintain	decomposition	rates,	
especially	 if	 total	 biomass	 also	 increased	 (Dangles	 &	 Malmqvist,	
2004).	Future	studies	of	microbial	 and	macroinvertebrate	biomass	
along	salinity	gradients	could	provide	additional	insights	into	ecosys-
tem	function	responses	to	salinity.
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Our	 results	 showing	no	 reduction	 in	 leaf	 litter	decomposition	
differ	 from	 findings	 in	 other	 studies	 examining	 litter	 decomposi-
tion	 in	mining-	influenced	streams.	However,	comparing	 the	salin-
ity	 gradient	 studied	 here	 to	 other	 systems	 suggests	 that	 salinity	
is	 likely	 to	 affect	 leaf	 decomposition	 at	 much	 higher	 levels.	 For	
example,	Cañedo-	Argüelles	et	al.	(2014)	found	that	decomposition	
(Populus nigra)	 in	mesocosms	with	 repeated	 salt	 pulses	 was	 only	
reduced	 in	 treatments	 with	 SC	 concentrations	 of	 15,000	μS/cm.	
At	 lower	salinity	 levels,	such	as	those	studied	here,	both	 inverte-
brates	and	fungal	communities	may	be	able	to	maintain	normal	lev-
els	of	leaf	decomposition	(Cañedo-	Argüelles	et	al.,	2014;	Canhoto	
et	al.,	 2017).	 Interestingly,	 fungal	 communities	 may	 shift	 energy	
resources	from	sporulation	to	biomass	accrual	at	elevated	salinity	
levels	as	a	stress	response,	such	that	decomposition	can	 increase	
at	 elevated	 salinity	 levels	 despite	 lower	 diversity	 (Canhoto	 et	al.,	
2017).	However,	when	salinisation	is	coupled	with	other	stressors,	
leaf	decomposition	has	been	shown	to	be	drastically	reduced.	For	
example,	Schäfer	et	al.	(2012)	found	as	much	as	a	4×	reduction	in	
organic	matter	decomposition	(Eucalyptus camaldulensis	and	cotton	
strips)	 associated	with	 the	 combination	 of	 agricultural	 pesticides	
and	 salinity	 (>1,000	μS/cm)	 compared	 to	 less-	impacted	 sites	 in	
Australia.	 In	our	study	region,	Fritz	et	al.	 (2010)	found	leaf	break-
down	rates	per	degree	day	were	reduced	>50%	in	valley-	fill-	mining	
streams,	most	of	which	had	been	reconstructed,	compared	to	those	
in	forested	catchments	as	a	likely	result	of	the	combination	of	ele-
vated	SC	and	alterations	to	stream	habitat	quality	that	 influences	
biotic	 communities.	 Similarly,	 Krenz	 et	al.	 (2016)	 found	 reduced	
rates	of	leaf	litter	decomposition	in	reconstructed	streams	with	el-
evated	SC.	However,	Krenz	et	al.	 (2016)	 found	no	 relationship	of	
leaf-	litter	 breakdown	 rates	 to	mean	 SC	 (range:	 c.	 200–1,800	μS/
cm)	within	the	reconstructed	streams,	suggesting	the	 importance	
of	habitat	quality	 rather	 than	moderately	elevated	salinity	 in	 leaf	
decomposition	rates.	Our	results	build	upon	these	previous	stud-
ies	to	show	maintenance	of	leaf	decomposition	at	salinity	levels	up	
to	1,383	μS/cm	when	other	potential	stressors	are	minimised	and	
habitat	quality	is	maintained.

Future	work	should	aim	to	better	understand	potential	effects	of	
anthropogenic	salinisation	on	other	important	ecosystem	functions.	
Although	leaf	decomposition	is	an	important	function	in	headwater	
streams,	 alteration	 of	 species	 richness	 and	 composition	 could	 in-
fluence	primary	and	secondary	production.	For	example,	Timpano	
et	al.	(2015)	found	that	the	proportion	of	macroinvertebrate	scrap-
ers,	which	feed	on	attached	algae	and	biofilms,	decreased	by	nearly	
70%	in	mining-	influenced	versus	reference	streams	within	our	study	
region.	Effects	of	scraper	loss	on	primary	production	should	there-
fore	be	quantified	in	salinised	streams.	Local	extirpation	of	sensitive	
aquatic	 insects	 (e.g.	 Ephemeroptera)	 caused	 by	 salinisation	 could	
reduce	 total	 insect	 emergence	 and	 alter	 this	 subsidy	 to	 terrestrial	
systems	in	mining-	influenced	streams,	highlighting	potential	effects	
of	salinity	on	secondary	production	(Voss	&	Bernhardt,	2017).

There	 is	 a	 growing	 need	 to	 understand	 how	 anthropogenic	
stressors	 such	 as	 salinity	 influence	 ecosystem	 functions	 via	
changes	 in	the	communities	driving	those	functions.	Quantifying	

ecosystem	functions	has	even	become	a	way	to	assess	the	ecolog-
ical	integrity	of	freshwater	ecosystems,	moving	beyond	the	use	of	
structural	 measures	 of	 communities	 (Castela,	 Ferreira,	 &	 Graça,	
2008).	Our	 results	 suggest	 that	conclusions	about	 the	 impact	of	
salinity	based	on	measures	of	richness	and	composition	will	not	al-
ways	match	those	based	on	measures	of	ecosystem	functions.	We	
show	that	 richness	 is	not	a	 robust	measure	of	community	 struc-
tural	 response	 to	salinity	 in	 these	systems,	given	 the	substantial	
taxonomic	 replacement	 that	 occurred	over	 the	 salinity	 gradient.	
Community	 composition	was	 altered	 along	 the	 salinity	 gradient;	
however,	these	changes	did	not	manifest	as	reductions	in	organic	
matter	 decomposition.	 Therefore,	 changes	 in	 community	 struc-
ture	and	ecosystem	function	as	influenced	by	salinity	are	a	critical	
consideration	 when	 designing	 research	 questions	 and	 manage-
ment	objectives	related	to	anthropogenic	salinisation.
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